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• Controls on the spatial distribution of As
in mining-impacted lake sediments
were investigated.

• Sediment cores and profiles of dissolved
As in porewaters and bottom waters
were collected.

• Sediment As concentrations, solid-
phase speciation, and diffusive fluxes
vary spatially.

• Spatial variability results from sediment
focusing and its potential influence on
As diagenesis.
⁎ Corresponding author.
E-mail address: c.schuh@queensu.ca (C.E. Schuh).

1 Current address: Department of Geography and Envir

https://doi.org/10.1016/j.scitotenv.2018.11.065
0048-9697/© 2018 Elsevier B.V. All rights reserved.
a b s t r a c t
a r t i c l e i n f o
Article history:
Received 29 August 2018
Received in revised form 30 October 2018
Accepted 5 November 2018
Available online 06 November 2018

Editor: F.M. Tack
Forty-seven sediment cores were collected as part of a spatial survey of Long Lake, Yellowknife, NWT, Canada to
elucidate the physical and geochemical controls on the distribution of arsenic (As) in sediments impacted by the
aerial deposition of arsenic trioxide (As2O3) from ore roasting at legacy gold mines. High-resolution profiles of
dissolved As in bottom water and porewater were also collected to determine As remobilization and diffusion
rates across the sediment-water interface. Arsenic concentrations in Long Lake sediments ranged from 2.2 to
3420 mg kg−1 (dry weight). Two distinct types of sediment As concentration profiles were identified and are
interpreted to represent erosional and depositional areas. Water depth is the best predictor of As concentration
in the top 5 cm of sediments due to the inferred focusing of fine-grained As2O3 into deeperwater. At greater sed-
iment depths, iron (Fe) concentration, as a likely indicator of As, Fe, and sulphur (S) co-diagenesis, was the best
predictor of As concentration. The sediments are a source of dissolved As to surface waters through diffusion-
controlled release to bottomwater. Arsenic concentrations, solid-phase speciation, and diffusive efflux varied lat-
erally across the lake bottom and with sediment depth due to the interplay between sediment-focusing pro-
cesses and redox reactions, which has implications for human health and ecological risk assessments.
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1. Introduction
Arsenic (As) is a naturally occurring metalloid that can cause toxic
effects in humans and other organisms (e.g., Bissen and Frimmel,
2003). Anthropogenic activities can mobilize As into the environment
throughmining and ore processing, fossil-fuel combustion, and through
the use of pesticides, herbicides, andwood preservatives that contain As
(Bowell et al., 2014). Arsenic contamination from the mining and pro-
cessing of orogenic gold deposits is a global issue due to the commonoc-
currence of As-bearing sulphides in association with these deposits
(Groves et al., 1998; Crawand Bowell, 2014). The processing of arsenical
ores can increase the rate at which As is released into the environment
but can also induce mineralogical changes that influence As mobility,
bioaccessibility, and toxicity (Smedley and Kinniburgh, 2002; Walker
et al., 2015). For example, ore roasting is an oxidative pretreatment
step that is used to improve gold recovery from refractory arsenopyrite
(FeAsS) ores by roasting in the presence of an oxidizing gas, which pro-
duces a porous iron (Fe) oxide calcine fromwhich gold can bemore eas-
ily extracted by cyanidation (Marsden and House, 2006). Arsenic
trioxide (As2O3) is produced as a byproduct of the roasting process
and is considered the most bioaccessible As-hosting solid compound
in human bodily fluids, especially in comparison to naturally occurring
arsenopyrite, which is less soluble and bioaccessible (Plumlee and
Morman, 2011). The atmospheric release of bioaccessible As2O3 from
ore-roasting operations can lead to its accumulation in nearby aquatic
environments. In this regard, lake sediments contaminated by legacy
As pollutionmay represent a long-term source of As to overlyingwaters
and aquatic ecosystems.

Stack emissions from the roasting of As-bearing ores at legacy gold
mines near Yellowknife, NWT, Canada, have resulted in As concentra-
tions in regional lake sediments that are elevated relative to Canadian
guidelines (Galloway et al., 2018; Schuh et al., 2018; Van Den Berghe
et al., 2018). Ore roasting at the Giant Mine occurred from 1949 to
1999 andwas conducted at 500 °C to convert gold-bearing arsenopyrite
to gold-bearing Fe oxides, fromwhich gold could be extracted using cy-
anide leaching (Walker et al., 2015). By-products of the roasting process
included As2O3, which, in the early years of operations, was released di-
rectly to the atmosphere. The As2O3 produced at Giant Mine also con-
tains antimony (Sb) due to the presence of Sb-bearing minerals in the
roasted ores (Riveros et al., 2000). Approximately 20,000 t of As2O3

were released to the atmosphere during operations, the majority of
which was released before the construction of a baghouse facility to
capture As2O3 dust in 1958 (Wrye, 2008). The roasting of arsenical
gold ores also occurred in the early years of mining at the nearby Con
Mine (1938–2003), although Giant Mine is considered the largest an-
thropogenic source of As in the region (Mackenzie Valley Review
Board, 2013).

Human Health (HHRA) and Ecological Risk Assessments (ERA) were
recently conducted by Canada North Environmental Services (2018) to
quantify the risk of exposure to As for humans and other organisms on
the Giant Mine site and in the Yellowknife area. Multiple contaminant-
exposure pathways were considered including air, household dust, soil,
sediments, water, and country foods. For sediments and lake water, po-
tential routes of exposure considered included dermal contact and in-
gestion. Wading and swimming in contaminated sediments and lake
water were shown to contribute to the incremental intake of As, though
estimated risks were classified as very low (i.e., the incremental lifetime
cancer risk level was between 1:10,000 and 1:100,000) (Health Canada,
2010). The ERA found high levels of As in sediments and lake water to
adversely affect aquatic biota in water bodies on and adjacent to the
GiantMineproperty, however, the potential for As to cause adverse eco-
logical effects in lakes beyond mine-property boundaries was not
assessed.

The biogeochemical cycling of As in lake sediments is closely associ-
ated with the cycling of Fe, manganese (Mn), sulphur (S), and organic
carbon (OC) (Couture et al., 2010). In lakes with oxygenated bottom
waters, authigenic Fe- and Mn-oxyhydroxides accumulate at the
sediment-water interface and can sequester dissolved As through ad-
sorption and co-precipitation processes. Microbes that oxidize OC as
an energy source, which is supplied to interfacial sediments through
the settling of organic material, first use available oxygen (O2) as an ox-
idant but, as conditions become progressively suboxic during burial, Fe-
andMn-oxyhydroxides reductively dissolve andmay release associated
As to sediment porewaters (Boudreau, 1999; Martin and Pedersen,
2002; Campbell et al., 2008). The resulting concentration gradient
causes dissolved As to diffuse upward toward the sediment-water inter-
face where it can be re-sequestered by authigenic metal oxyhydroxides
or released into the overlying water column (Boudreau, 1999; Martin
and Pedersen, 2002). The potential for the release of dissolved As into
the water column depends on sediment redox conditions, which are,
in turn, governed by the accumulation rate of OC. Where the position
of the ferric Fe (Fe3+) redoxcline is deep relative to the sediment-
water interface, a significant proportion of the upward diffusive flux
can be expected to be sequestered by Fe- and Mn-oxyhydroxides in
oxic interfacial horizons. In contrast, where the depth of the Fe3+

redoxcline is shallow, a greater proportion of the upward diffusing As
can be expected to migrate into the water column (Martin and
Pedersen, 2002; Andrade et al., 2010; Moriarty et al., 2014; Sprague
and Vermaire, 2018). Dissolved As may also diffuse downward where
it can be removed from solution through the precipitation of As-
bearing pyrite (FeS2) or discrete As-sulphides such as realgar (As4S4)
and orpiment (As2S3) (Bostick and Fendorf, 2003; O'Day et al., 2004;
Lowers et al., 2007; Schuh et al., 2018). Therefore, the vertical distribu-
tion of As in sediments can be strongly influenced by redox conditions
and the associated early diagenesis of Fe, Mn, and S. The depth distribu-
tion of As in lake sediments in the Yellowknife area, however, is the re-
sult of these processes and the historical deposition of As from ore
roasting (Schuh et al., 2018; Van Den Berghe et al., 2018). Arsenic en-
richment at depth in the sediment column is a product of the historical
aerial deposition of stack emissions from former ore-roasting opera-
tions in the region. In these horizons of peak As concentration, As is pre-
dominantly hosted in As2O3 or secondary As-bearing sulphides that
precipitate following its partial dissolution (Schuh et al., 2018; Van
Den Berghe et al., 2018). Arsenic enrichments at the sediment-water in-
terface are primarily associated with authigenic Fe-oxyhydroxide
(Schuh et al., 2018). These secondary phases (As-bearing sulphides
and Fe-oxyhydroxide) are less bioaccessible than As2O3 (Plumlee and
Morman, 2011).

Spatially, the distribution of As in lake sediments may also be influ-
enced by physical processes that erode and redistribute fine-grained
material from shallow-water areas to zones of deposition in deeper
parts of the lake basin (Blais and Kalff, 1995). The areal extent of these
zones is dependent on lake morphometric variables including water
depth and basin slope (Hakånson, 1977). Wind-driven mixing pro-
cesses that resuspend and transport sediments are strongest at the
lake surface and lose strength with increasing water depth (Mackay
et al., 2012). Sediment resuspension caused by wind-generated waves
is specifically dependent on water depth and fetch. In areas of lakes
with large fetch to depth ratios, the energy of wave-induced turbulence
is sufficient to reach the sediment surface and cause resuspension
(Hamilton and Mitchell, 1997). Sediment resuspension and focusing
processes are also strongly driven by slumping, sliding, and turbidity
currents, which are often caused by gravity-driven bed slope failures
(Hakånson and Jansson, 2011). In water bodies that are ice-covered
for much of the year, such as lakes in the Yellowknife area, ice scouring
of the sediment surface may also contribute to nearshore erosion and
sediment resuspension (Héquette et al., 1999).

Studies that use sediment cores as historical records of the atmo-
spheric deposition of As and other contaminants typically rely on a sin-
gle sediment core collected from the deepest and most central part of a
lake basin (Zmax) because sediments from this area are thought to be
most representative of lake-wide processes (Engstrom and Rose,
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2013). Sediment deposition across a lake basin, however, varies laterally
because of sediment focusing, and therefore chemical profiles in sedi-
ment cores from Zmaxmay not be representative of whole-lake accumu-
lation trends. Sediment redistribution processes also have the potential
to indirectly influence the depositional patterns and post-depositional
mobility of As by focusing Fe, S, OC, and other elements involved in its
redox cycling. To account for spatial variability in lake sediment proper-
ties, other studies have employed a multi-station coring approach
(Rippey et al., 2008; Engstrom and Rose, 2013; Lin et al., 2018).

The objectives of this research were to describe the spatial variation
in sediment As concentrations and solid-phase speciation, both laterally
across the lake basin and with depth through the sediment profile, in a
lake impacted by the historical aerial deposition of As, and to better un-
derstand the physical and geochemical processes governing this varia-
tion. An additional goal was to compare rates of As remobilization and
release into the overlying water column at two locations to highlight
factors that may drive the spatial variability of As fluxes. In addition to
Fig. 1. (a) Location of study areawithin Canada. (b) Location of Long Lake relative to the City of Y
of Long Lake showing sample locations. (For interpretation of the references to colour in this fi
broadening our understanding of As behaviour in contaminated lakes,
the results presented here are expected to provide valuable information
to support human health and ecological risk assessments in areas af-
fected by the deposition of As from legacy mining operations. Specifi-
cally, defining the controls governing the abundance and speciation of
As in lake sediments allows for the delineation of lake zones where in-
creased exposure to high sediment As concentrations and more bioac-
cessible As-hosting solid phases is most likely.

2. Methods

2.1. Study site

Long Lake is located approximately 5 km southwest and 5 kmnorth-
west of the former roasters at Giant Mine and Con Mine, respectively
(62° 28′ 18.12” N, 114° 25′ 39.72”W) (Fig. 1a,b). Bathymetric mapping
in 2016 (Fig. 1c) indicated that the lake has a surface area of 1.16 km2, a
ellowknife and the former roasters at GiantMine and ConMine. (c) 2016 bathymetricmap
gure legend, the reader is referred to the web version of this article.)
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total volume of 4.26 × 106 m3, an average depth of 3.7 m, and a maxi-
mum depth (Zmax) of 6.9 m. The northern shore of the lake is character-
ized by exposed granitic and mafic-volcanic outcrops. Water depths
along this shore increase abruptly, as demonstrated by the steep con-
tours in Fig. 1c. Comparatively, water depths along the southern shore,
which is adjacent to road infrastructure, increase more gradually. Long
Lake is not connected to any inflow or outflow streams. Themain inputs
ofwater to the basin are precipitation and terrestrial runoff, and outputs
are likely limited to surface evaporation and ephemeral seepage. The
lake is well-mixed and ice-free from approximately June to October,
and ice-covered (~0.6–0.8 m thickness) the rest of the year. Winds
over the water surface generally blow from east to west based on cli-
mate data measured over a 30-year period (1970–2010) at the nearby
Yellowknife Airport (Environment Canada, 2017) (Fig. 1b). The Yellow-
knife Golf Club is located near the southern shore (Fig. 1b) and features
sand fairways. The lake is used for recreation by the local population and
features a constructed sand beach, boat launch, and campground at the
southeastern shore (Fig. 1c). Sixteen sediment grab samples were col-
lected near the beach and boat launch area in 2016 as part of the recent
HHRA (Canada North Environmental Services, 2018). Sediment As con-
centrations ranged from 7 to 100 mg kg−1 (dry weight). The bioavail-
ability of these samples was assumed to be 45% based on the average
bioavailability measured in five samples. The HHRA concluded that der-
mal contactwith these sedimentsmay contribute to the incremental in-
take of As, though estimated risks are very low according to Health
Canada (2010) guidelines. Arsenic exposure to aquatic organisms in
Long Lake was not evaluated as part of the recent ERA (Canada North
Environmental Services, 2018). The concentration of dissolved As in
surface water measured in 2014 was 40 μg L−1 (Palmer et al., 2015).
2.2. Sample collection

Forty-seven sediment cores were collected from Long Lake in July
2016 as part of a spatial survey to assess the horizontal and vertical dis-
tribution of As within sediments (Fig. 1c). Sediment cores were col-
lected by motor boat using a 7.5 cm internal diameter gravity corer
(Glew, 1989) from sample locations chosen to maximize spatial cover-
age of the basin. A higher density of samples was collected near the
beach and boat launch area (Fig. 1c) which is frequented by swimmers.
Sediment cores were extruded on shore and the top 20 cm of each core
were sectioned in 5 cm intervals (0–5 cm, 5–10 cm, 10–15 cm, and
15–20 cm). The penetration depth of the sediment corer was variable,
and only 22 cores penetrated to a sediment depth greater than or
equal to 20 cm. Two additional cores (30 cm penetration depth) were
collected at sites LLSP and LLDP (Fig. 1c) and sectioned at higher resolu-
tion. These cores were extruded in the laboratory in a nitrogen (N2)-
purged glove bag to preserve solid-phase As speciation; the top 30 cm
of each core were sectioned into 1 cm (0–20 cm) and 2 cm
(20–30 cm) intervals. Sediment samples were extruded into Whirl-
Pak® bags, homogenized, and refrigerated for approximately
1–2 weeks prior to analyses.

In July 2016, high-resolution dialysis arrays (peepers) with 0.45 μm
filter membranes and sample cells spaced 0.77 cm centre-to-centre,
were installed back-to-back by scuba-diver insertion at site LLSP
(Fig. 1c). The peepers were installed with cells above and below the
sediment-water interface to capture concentrations of dissolved solutes
in porewaters and bottom waters. The preparation of peepers prior to
field deployment was described previously (Schuh et al., 2018). After
14 days of equilibration with porewaters and bottom waters, water
samples were extracted from peeper cells in a N2-purged glovebox.
Samples to be analyzed for trace metal(loid) concentrations were pre-
servedwith 8MHNO3, and samples for aqueous inorganic As speciation
were preserved with 0.25 M ethylenediaminetetraacetic acid (EDTA)
and glacial acetic acid (Bednar et al., 2002). Samples were immediately
refrigerated and held for approximately one week prior to analysis.
2.3. Sediment and water analyses

Metal(loid) concentrations in sediment (30 analytes) and water (25
analytes) samples were determined using inductively coupled plasma
optical emission spectroscopy (ICP-OES) and inductively coupled
plasmamass spectrometry (ICP-MS). ICP-OESwas used for the determi-
nation of element concentrations in sediments, but ICP-MS was used to
achieve lower detection limits for some elements, including As and Sb.
ICP-MS was used exclusively for water analyses. Prior to analysis, sedi-
ment samples were digested in accordance with USEPA Method 200.2
(Martin et al., 1994a). The determination of metal and trace element
concentrations by ICP-OES and ICP-MS followed USEPA Methods 200.7
(Martin et al., 1994b) and 200.8 (Creed et al., 1994), respectively. All
sediment element concentrations reported in this paper are dry-
weight concentrations. The relative proportions of dissolved arsenate
(As5+) and arsenite (As3+) in water samples were determined using
hydride generation atomic fluorescence spectrometry (HG-AFS). Total
organic carbon (TOC) concentrations in survey sediment samples
were determined by dry combustion using a Leco CNS-2000 Analyzer.
Due to insufficient sample volumes, only selected sediment samples
were texturally classified based on their sand, silt, and clay content
(Shepard, 1954). Grain size in these samples was determined using Hy-
drometer Method 55.3 in Carter and Gregorich (2007).

The quality-control guidelines outlined in USEPA Methods 200.7
(Martin et al., 1994b) and 200.8 (Creed et al., 1994) were followed to
ensure that data were of acceptable quality for use. For sediments, ana-
lytical precision was evaluated by analyzing duplicate samples (six
sets); analytical accuracy was assessed by analyzing certified reference
materialMESS-3 (n=4) and laboratory control samples (n=2). Dupli-
cate analyses yielded relative percent difference values below20% for all
analytes including As, Sb, Fe, Mn, S, TOC, and grain size. In certified ref-
erence materials and laboratory control samples, recovery values for all
analytes werewithin an acceptable range (70–130%). Laboratory blanks
were also analyzed at a minimum of every 20 samples to evaluate po-
tential sources of contamination; all analyte concentrations were
below method detection limits in all blanks. Additionally, instrument
calibration checks were performed at the beginning of analyses and
throughout analyses at a minimum of every 20 samples. The same
quality-control guidelines were followed for the analyses of porewater
and bottom water samples, however, the small sample volumes
(b4mL) obtained frompeeper cells precluded the analysis of duplicates.

2.4. Solid-phase arsenic speciation

The identification of As-hosting solid phases in selected sediment
samples from high-resolution cores LLSP and LLDP (Fig. 1c) was accom-
plished using scanning electron microscopy (SEM)-based automated
mineralogy (Schuh et al., 2018; Van Den Berghe et al., 2018).
Sediment-depth intervals associated with high As concentrations and
sediments from the bottom of each core were subsampled and dried
in a N2-purged glove bag to preserve As-hosting solid phases. Polished
sections were then made by mounting dried sediment in epoxy on
glass slides and polishing in kerosene to 30 μm thickness. From the
LLSP core, polished sections were prepared for the following depth in-
tervals: 0–1 cm (sample LLSP-01), 5–6 cm (sample LLSP-06), and
26–28 cm (sample LLSP-24). Polished sections were prepared for the
following sediment horizons from the LLDP core: 0–1 cm (sample
LLDP-01), 5–6 cm (sample LLDP-09), and 28–30 cm (sample LLDP-25).

Automated mineralogy was performed using a FEI™ Quanta 650
Field Emission Gun Environmental SEM and Mineral Liberation Ana-
lyzer (MLA) software. Operating conditions, backscatter electron
image standardization and resolution, X-ray acquisition modes, the
mineral reference library used for phase classification, and the calcula-
tions used to quantify the relative contribution of each As-hosting
phase, by mass, to total As concentrations, are the same as in Schuh
et al. (2018). The concentrations of As associated with Fe-
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oxyhydroxide and framboidal pyrite used in the calculationswere 3wt%
and 0.2 wt%, respectively, based on electron microprobe measurements
by Schuh et al. (2018).

2.5. Statistical analyses

Statistical analyses were performed to investigate the relationships
between sediment As concentrations and other relevant variables.
Using the Anderson-Darling test, the concentrations of As and other as-
sociated geochemical variables (Sb, Fe, Mn, S, and TOC) in all sediment
depth intervals, as well as water depth, were found to be not normally
distributed. Spearman's rank order correlation analysis was therefore
used to examine the relationships between variables (O'Brien, 2007).
The relationships between As and variables anticipated to be directly in-
volved in controlling As concentrations in sediments (Fe, S, and water
depth) were further explored using multiple linear regression. Prior to
performing the regression analyses, continuous predictor variables
were converted to units of standard deviation from the mean (i.e., z
values) to allow for direct comparisons between regression coefficients
(Harris and Jarvis, 2010). Method detection limits were used for values
thatwere reported below themethod detection limit. All testswere per-
formed at a 95% confidence interval (α = 0.05) using Minitab 18
(2017).

2.6. Arsenic flux calculations

Concentration gradients of dissolved As in porewaters and bottom
waters collected at sites LLSP (this study) and LLPC (Schuh et al.,
2018) (Fig. 1c) were calculated following methods outlined in Martin
and Pedersen (2002) to estimate (1) As remobilization rates in sedi-
ments, and (2) rates of As diffusion into the overlying water column.
At each site, rates of As remobilization were determined using linear
concentration gradients above the porewater maximum, while efflux
rates (i.e., diffusion across the benthic boundary) were calculated
using assumed linear concentration gradients from approximately
1 cm depth to the sediment-water interface. Arsenic concentration gra-
dients across the sediment-water interface are typically non-linear due
to the removal of As from solution via sorption with Fe- and Mn-
oxyhydroxides, which likely results in an overestimation of the magni-
tude of the concentration gradient. Rates of diffusive transport,
Jz (μg cm−2 year−1), were calculated using Fick's first law:

Jz ¼ −
Do

j

F
ϕ
dc
dz

ð1Þ

where Dj
ois the coefficient of diffusion (cm2 s−1), F is the formation fac-

tor, ϕ is sediment porosity, and dc/dz is the concentration gradient.
Values ofDj

owere calculated using a temperature of 20 °C, known values
for As5+ (H2AsO4

−) and As3+ (H3AsO3) at 25 °C (Tanaka et al., 2013),
and the Stokes-Einstein relation. The calculations were performed
using diffusion coefficients for both As5+ and As3+ to explore how re-
mobilization and efflux ratesmight vary laterally across the lake bottom
with changing redox conditions and differing As5+/As3+ ratios in inter-
facial porewaters. The formation factor, F, accounts for the tortuous path
taken by diffusing ions in a porousmedium andwas calculated frompo-
rosity using Archie's law (Ullman and Aller, 1982). Negative flux values
imply that the direction of diffusive transport is upward (Martin and
Pedersen, 2002). Input values used to calculate diffusion rates are sum-
marized in Supplementary Data Table S1.

Relative rates of As burial in sediments were estimated by multiply-
ing low and high sediment As concentrations (100 and 3000 mg kg−1,
respectively) by an assumed sedimentation rate of 0.1 g cm−2 year−1.
The sedimentation rate was determined using inventories of 210Pb in
core LLCD (Schuh et al., 2018) (Fig. 1c) and the constant rate of supply
model (Appleby, 2001).
3. Results

3.1. Sediment arsenic concentrations

Arsenic concentrations in Long Lake sediments varied horizontally
across the lake bottom and with depth in the sediment column (Fig. 2;
Table S2). In the upper 5 cm of sediments, As concentrations ranged
from 4.6 to 1180mg kg−1 (median 593mg kg−1, n=47). In sediments
5–10 cm below the sediment surface, As concentrations exhibited
greater variability, ranging from 2.4 to 1800 mg kg−1 (median
679 mg kg−1, n = 45). Arsenic concentrations in the 10–15 cm sedi-
ment depth interval varied by three orders of magnitude, ranging
from 2.2 to 2330mg kg−1 (median 425mg kg−1, n=33). Arsenic con-
centrations within the 15–20 cm interval were the most variable and
ranged from 3.2 to 3420mg kg−1 (median 259mg kg−1, n=22). Sum-
mary results for other relevant sediment analytes (Sb, Fe, Mn, S, TOC,
and grain size) are provided in Tables S3–S8.

Two distinct categories of As concentration profiles were identified
in Long Lake sediments (Fig. 2). In thefirst type of profile, henceforth re-
ferred to as erosional-zone (Type E) profiles, As concentrations were
highest in surficial (0–5 cm) sediments and decreased with depth
(e.g., cores 6 and 22). In comparison, depositional-zone (Type D) profiles
were those inwhich the highest As concentrations occurred at sediment
depths N5 cm, and generally occurred in sediments 5–15 cm below the
sediment surface (e.g., cores 27 and 28).

Arsenic concentration profiles in high-resolution sediment cores
LLSP and LLDP (Fig. 2) exhibited characteristics of Type D and Type E
profiles, respectively. In the LLSP core (Fig. 3; Table S9), which was col-
lected at 2 m water depth, the maximum As concentration of
860 mg kg−1 (sample LLSP-06) occurred in sediments approximately
5–6 cm below the sediment surface, which is characteristic of Type D
profiles. However, sub-sampling at higher resolution revealed the exis-
tence of a second As peak of 520 mg kg−1 (sample LLSP-01) at the
sediment-water interface. Below a sediment depth of approximately
10 cm, As concentrations decreased to relatively low levels that may
represent pre-mining conditions (Galloway et al., 2015). In comparison,
only one sediment As maximum of 1300 mg kg−1 (sample LLDP-01),
occurring at the sediment surface, was present in the As concentration
profile in the LLDP core (Fig. 3; Table S10), which was collected at
5.5 m water depth. Arsenic concentrations progressively decreased to
a sediment depth of approximately 20 cm before reaching assumed
background levels. Sediment concentrations of Sb, Fe, Mn, and S in
cores LLSP and LLDP are presented in Tables S9 and S10.

3.2. Arsenic-hosting solid phases

The predominant As-hosting solid phases in cores LLSP and LLDP
were identified using SEM-based automated mineralogy. Roaster-
derived As2O3, with trace Sb and occurring as isolated grains, was iden-
tified as a host of As in sediments from both high-resolution cores.
Authigenic As-hosting phases were also identified and included Fe-
oxyhydroxide, realgar, and framboidal pyrite, which are interpreted to
form in situ from the partial dissolution of As2O3 (Schuh et al., 2018;
Van Den Berghe et al., 2018). Authigenic Fe-oxyhydroxide and pyrite
were distinguished from their detrital counterparts based on texture
(Schuh et al., 2018). The mass distribution of As-hosting phases in se-
lected samples is shown in Fig. 3.

In core LLSP, As-bearing Fe-oxyhydroxide comprised approximately
83% of the total As concentration in interfacial sediments (sample LLSP-
01) (Fig. 3). Three As2O3 particles were identified in this interval and
accounted for approximately 5% of the total As inventory; the remaining
12% was associated with framboidal pyrite. In sediments associated
with the As maximum at 5–6 cm depth (sample LLSP-06), particles of
As2O3 contributed approximately 34% to the total As concentration.
The As-bearing sulphides realgar and framboidal pyrite accounted for
approximately 58% and 7% of the total As concentration, respectively.



Fig. 2. 2016 bathymetric map of Long Lake showing the spatial distribution of As concentration profiles in full 20 cm sediment cores (n=22), shown as bar charts, relative to changes in
basin slope. Grey squares and black dots denote Type E and Type D cores, respectively. For bar charts, sediment depth (cm) is plotted on the y-axis and each bar represents one of the
sediment depth intervals subsampled (0–5 cm, 5–10 cm, 10–15 cm, and 15–20 cm). Arsenic concentrations (mg kg−1) are plotted on the x-axis (0–3500 mg kg−1) and maxima are
labelled. Profiles with an asterisk are plotted on an x-axis with 0–30 mg kg−1 scale. (For interpretation of the references to colour in this figure legend, the reader is referred to the
web version of this article.)
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Rare arsenopyrite grains were also identified in sample LLSP-06, but
their contribution to the total As concentrationwas low (b1%). Virtually
100% of the sediment As concentration in sample LLSP-24 was associ-
ated with framboidal pyrite.

In comparison, the near surface Asmaximum in the LLDP core (sam-
ple LLDP-01) comprised As2O3 (14%), Fe-oxyhydroxide (43%), realgar
(42%), and framboidal pyrite (1%) (Fig. 3). At approximately 8.5 cm
depth (sample LLDP-09), realgar (69%) and As-bearing pyrite (21%)
constituted approximately 90% of the total As concentration, and rare
As2O3 particles accounted for the remaining 10%. Like in the LLSP core,
trace concentrations of As associated with framboidal pyrite effectively
comprised 100% of the total As concentration in bottom-core sediments
(sample LLDP-25).

3.3. Relationships between variables

Spearman's rank order correlation analysis indicated that As was
positively and significantly (p b 0.05) correlated with Sb, Fe, Mn, S,
TOC, and water depth in all sediment depth intervals (Fig. 4). Arsenic
was most strongly positively correlated (ρ ≥ 0.90) with Sb at all depths,
with strong positive correlations also consistently observedwith Fe and
Mn. The strength of the As relationships to other variables changedwith
sediment depth. The association between As and water depth was
highest in near-surface sediments and decreased with sediment
depth. Conversely, the strength of the relationship between As and S
was lowest in surficial sediments and increased to a depth of 15 cm,
but decreased in the 15–20 cm interval. Similarly, As and TOC were
most positively correlated in the top 10 cm of sediments, with the
strength of the relationship decreasing at depth. Sulphur and TOC
were also most positively correlated in the top 10 cm of sediments,
whereas the relationship between Fe and TOC was comparatively
weak at all sediment depths. The concentrations of Sb, Fe, Mn, S, and
TOC were strongly and significantly correlated with water depth in all
sediment depth intervals (Fig. 4).

Stepwise multiple linear regression was used to assess the relative
importance of Fe concentration, S concentration, and water depth,



Fig. 3.Arsenic concentration profiles in high-resolution sediment cores LLSP and LLDP,which exhibit characteristics of TypeD and Type E profiles, respectively. Bar charts show the relative
contribution of each As-hosting solid phase, by mass, to total As concentrations in selected sediment intervals. SWI = sediment-water interface. (For interpretation of the references to
colour in this figure legend, the reader is referred to the web version of this article.)
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alone and in combination, as predictors of sediment As concentration in
all sediment depth intervals (Table S11). In near-surface sediments, the
strongestmodel was produced using only Fe andwater depth as predic-
tors of As abundance (adjusted R2 = 0.86, p b 0.001). The standardized
regression coefficients (0.45 and 0.51 for Fe and water depth, respec-
tively) indicated that water depth is a marginally better predictor of
As concentration in surficial sediments than Fe concentration. In sedi-
ments 5–10 cm below the sediment surface, the strongest model in-
cluded all three predictors (adjusted R2 = 0.79, p b 0.001), although
Fe and water depth were found to have a greater influence on As con-
centration than S as illustrated by standardized regression coefficients
(0.38, 0.24, and 0.37 for Fe, S, and water depth, respectively). In the
10–15 cm sediment depth interval, water depth was no longer a signif-
icant predictor of As concentration, as the best-fitting model included
only Fe and S as predictive variables (adjusted R2 = 0.64, p b 0.001).
At this depth, comparison of standardized regression coefficients (0.51
and 0.37 for Fe and S, respectively) suggested that Fe concentration
has a greater effect on As concentration as compared to S. In sediments
15–20 cmbelow the sediment-water interface, the strongestmodelwas
again produced using only Fe and S as predictors (adjusted R2 = 0.83, p
b 0.001), and Fe was found to have approximately two times greater ef-
fect on As concentration than S through comparison of standardized re-
gression coefficients (1.48 and − 0.75 for Fe and S, respectively). The
regression coefficient for S was negative, indicating that an increase in
S concentration within this interval is associated with a decrease in As
concentration. Variance inflation factors (VIFs) for all depth intervals
ranged from 2 to 4, indicatingmoderate correlation between predictors
but not somuch as to result in poor estimation of regression coefficients
(O'Brien, 2007).
3.4. Arsenic fluxes

Concentration profiles of dissolved solutes across the sediment-
water interface at site LLSP are shown in Fig. 5. From 1.5 cm above the
sediment-water interface (17 μg L−1) to a sediment depth of approxi-
mately 1.5 cm (32 μg L−1), dissolved As concentrations increased non-
linearly (i.e., concave upward) and remained fairly constant (Fig. 5a;
Table S12). Below this interval, however, dissolved As concentrations
increasedmore linearlywith depth and reached amaximum concentra-
tion (500 μg L−1) approximately 7 cm below the sediment-water inter-
face, which is approximately 1 cm below the sediment maximum
(Fig. 3). Porewater As concentrations decreased slightly with depth
below the maximum, but remained high relative to concentrations in
near-surface porewaters. Trends in the porewater profiles of Fe and
Mn were similar to As (Fig. 5b; Table S12).

Across the sediment-water interface, As3+ was the dominant in-
organic aqueous As species at site LLSP (Fig. 5a; Table S12). Approx-
imately 1.5 cm above the benthic boundary, As3+ comprised
approximately 78% of inorganic dissolved As species. The highest
As5+/As3+ ratio occurred in porewaters 0.77 cm below the sediment
surface, where As5+ and As3+ accounted for 40% and 60% of mea-
sured As species, respectively. Below a depth of 5 cm, the relative
proportion of As3+ was consistently N90% (Fig. 5a; Table S12).

The rates of dissolved As remobilization toward the sediment-water
interface at site LLSP were calculated as −7 μg cm−2 year−1 for As5+

and− 9 μg cm−2 year−1 for As3+ using Fick's first law (Eq. (1)), the lin-
ear concentration gradient of dissolved As above the porewater maxi-
mum, and an estimated porosity of 0.6 (Manger, 1963) based on grain
size measurements in sediments from nearby core 13 (Fig. 1c;



Fig. 4. Spearman's rankorder correlationmatrices for sediments fromall four depth intervals (a-d). All Spearman's rho values are statistically significant (p b 0.05). Highly significant values
(p b 0.001) are italicized. WD = water depth. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)

570 C.E. Schuh et al. / Science of the Total Environment 654 (2019) 563–575
Table S8). Similarly, an assumed linear concentration gradient of
dissolved As across the sediment-water interface was used to
determine rates of As5+ and As3+ diffusion into the overlying water
column, which were calculated as −0.4 and − 0.6 μg cm−2 year−1, re-
spectively, indicating As release from the sediments into lake bottom
waters.

The same calculations were repeated using the dissolved As con-
centration profile measured in sediments at site LLPC by Schuh et al.
(2018) and an estimated porosity of 0.4 (Manger, 1963) based on
grain size measurements from nearby core 2 (Fig. 1c; Table S8). At
this site, which is located in relatively shallow water (0.7 m water
depth), As5+ accounted for 95% of measured dissolved As species at
the sediment-water interface (Schuh et al., 2018). Upward remobili-
zation rates for As5+ and As3+ were calculated as −1 and −2
μg cm−2 year−1, respectively. Rates of efflux across the sediment-
water interface were calculated as −0.2 μg cm−2 year−1 for As5+

and− 0.3 μg cm−2 year−1 for As3+. The results of all diffusion calcu-
lations are summarized in Table S13. Relative rates of As deposition
and burial were calculated as 10 and 300 μg cm−2 year−1 using low
(100 mg kg−1) and high (3000 mg kg−1) sediment As concentra-
tions, respectively, and an assumed sedimentation rate of
0.1 g cm−2 year−1 (Schuh et al., 2018).
4. Discussion

4.1. Physical controls on the spatial distribution of arsenic in sediments

The results of Spearman's rank order correlation analysis indi-
cated that solid-phase concentrations of both As and Sb, which are
strongly correlated due to the presence of Sb in the As2O3 produced
by roasting (Riveros et al., 2000; Schuh et al., 2018), are positively
and significantly correlated (ρ = 0.58–0.86, p b 0.05) with water
depth in all sediment depth intervals (Fig. 4). This suggests that sed-
iment concentrations of As2O3 particles, the majority of which were
aerially deposited, are largely controlled by changes in water depth.
Such observations are consistent with the fine particle sizes of
aerially-deposited As2O3 (∼2–30 μm diameter) (Schuh et al., 2018),
which would be predicted to preferentially accumulate in deeper-
water zones in conjunction with silt- and clay-sized particles. Addi-
tionally, the results of multiple linear regression analyses indicated
that water depth is a better predictor of As concentrations in near-
surface sediments than both Fe and S (Table S11). The occurrence
of Type D and Type E profiles in both shallow- and deep-water
areas (Fig. 2), however, suggests that water depth is not the only
physical control on sediment As concentrations.



Fig. 5. Concentration profiles of dissolved solutes across the sediment-water interface (SWI) at site LLSP. (a) Dissolved As and corresponding distribution of inorganic As species, and
(b) dissolved Fe and Mn. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of this article.)
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Sediment cores collected by Schuh et al. (2018) from relatively
deep-water, mid-basin areas in Long Lake (site LLCD) (Fig. 1c) andMar-
tin Lake, which is also located downwind of the former roaster at Giant
Mine, featured horizons of maximum As concentration approximately
20 cm below the sediment-water interface, which are characteristic of
Type D profiles. Radiometric dating using 210Pb revealed that these As-
enriched layers, in which virtually 100% of As is hosted in As2O3 and
authigenic As-bearing sulphides formed from its partial dissolution, cor-
respond to the period of maximum stack emissions (1949–1951) from
the Giant Mine roaster (Schuh et al., 2018). Cores collected from depo-
sitional zones (Type D), where little to no sediment resuspension is ex-
pected to occur, should therefore be enriched in fine-grained particles of
As2O3 at sediment depths corresponding to the period of maximum
stack emissions in the region. Such enrichments are not expected to
be present in cores collected from zones of erosion and resuspension,
where wave-induced mixing, bioturbation, turbidity currents, gravity-
induced slope failures, and ice scouring in winter likely limit the accu-
mulation of fine-grained materials (Blais and Kalff, 1995). Type D sedi-
ment As concentration profiles are therefore interpreted to represent
areas of sediment deposition and accumulation. Furthermore, the two
cores with maximum As concentrations exceeding 3000 mg kg−1,
both of which occurred in the 15–20 cm depth interval (cores 37 and
39), were collected from the deep, narrow trench along the northern
shore of Long Lake where sediment accumulation rates are likely
highest (Fig. 2). High-resolution sediment core LLSP, which was col-
lected in a water depth of 2 m, was enriched in As2O3 in sediments
5–6 cm below the sediment-water interface (LLSP-06) (Fig. 3), which
indicates that sediments are accumulating at this location, albeit at an
inferred lower rate than in deeper areas. This is supported by the As pro-
file and corresponding 210Pb-derived timeline in a sediment core col-
lected by Van Den Berghe et al. (2018) from a relatively shallow-
water (1 m), nearshore location in Handle Lake, which is also located
downwind of the Giant Mine property. In this core, the horizon of
peak As concentration occurred at approximately 5 cmdepth, contained
a high proportion (N90%) of As hosted in As2O3 and authigenic sul-
phides, and was coincident with the onset of ore roasting activities in
the area in the 1940s.

In contrast to Type D profiles, the highest sediment As concentra-
tions in Type E profiles occurred at the sediment-water interface and
decreased with sediment depth (Fig. 2). This suggests these profiles
form in relatively high-energy, erosional environmentswhere sediment
accumulation rates are lower. High As concentrations in surficial
sediments, relative to deeper layers, may result from the following
physical processes, acting alone or in combination: (1) low rates of
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sedimentation and burial (i.e., high As concentrations in interfacial
sediments correspond to the period of maximum stack emissions),
(2) sediment resuspension, mixing, and transport, and (3) continued
deposition from terrestrial sources. In Long Lake, these profiles were
more commonly found in cores collected from shallow-water areas
but were also present in deep-water cores collected on or near to rela-
tively steep basin slopes (Fig. 2). An example is the high-resolution
LLDP core, which was collected at 5.5 m water depth and near a slope
(Fig. 2) but featured a Type E profile (Fig. 3). The approximately equal
proportions of As-bearing Fe-oxyhydroxide (hosting 43% of total As)
and realgar (42%) in surficial sediments (LLDP-01), phases that are ex-
pected to form in oxidizing and reducing conditions, respectively, sug-
gest that sediments in this core have been physically mixed by slope-
related erosional processes or other mixing mechanisms (wind-gener-
ated waves, bioturbation, etc.). Therefore, in Long Lake and other lacus-
trine environments in which the relative timing of As inputs to the
sediments can be inferred based on documented emission histories at
nearby mines, As concentration profiles in sediment cores and corre-
sponding mass distributions of As-hosting solid phases are useful indi-
cators of lake-wide accumulation trends.

4.2. Geochemical controls on the spatial distribution of arsenic in sediments

In addition to directly influencing the distribution of As in Long Lake
sediments by physically redistributing As-bearing particles to areas of
deposition, sediment focusing can indirectly affect the distribution of
As in sediments by concentrating Fe, S, and OC in the same areas, as
these variables were also positively and significantly correlated with
water depth in all sediment depth intervals (Fig. 4). The mechanism of
co-accumulation for Fe, S, and OC relates to the influence of OC accumu-
lation on redox conditions, sulphate reduction, and the formation of
authigenic pyrite (Huerta-Diaz et al., 1998; Couture et al., 2010).

The results of multiple linear regression indicated that Fe concentra-
tion is the best predictor of As concentration in Long Lake sediments, as
it was only a marginally weaker predictor than water depth in surficial
sediments andwas the best predictor of As concentration in deeper sed-
iment layers (Table S11). The strong correlation between Fe and As con-
centration can be explained by the solid-phase association of these two
elements in both oxidizing and reducing environments (Martin and
Pedersen, 2002; Bostick and Fendorf, 2003; O'Day et al., 2004; Lowers
et al., 2007; Andrade et al., 2010; Moriarty et al., 2014; Sprague and
Vermaire, 2018; Schuh et al., 2018), though stack emissions from
Giant Mine may have also been enriched in Fe (Riveros et al., 2000;
Thienpont et al., 2016). In Type D profiles, the partial dissolution of
As2O3 in deeper sediment horizons creates a concentration gradient
that drives the upward diffusion of dissolved As toward the sediment-
water interface, resulting in a surficial layer enriched in authigenic As-
bearing Fe-oxyhydroxide (Martin and Pedersen, 2002; Andrade et al.,
2010; Schuh et al., 2018). Such an enrichment is not evident in the
lower-resolution As profiles (Fig. 2), but can be seen in the LLSP profile
and the corresponding mass distribution of As-hosting solid phases in
sample LLSP-01 (Fig. 3). This highlights the importance of high-
resolution sampling in surficial sediments, as it is possible that cores
classified as Type E might actually represent Type D cores with very
shallow As peaks. Nevertheless, As enrichments at depth in the sedi-
ment columnwere notably absent in Type E profiles. However, particles
of As-bearing Fe-oxyhydroxidemay be supplied to the sediment surface
as part of the accumulating material before they are ultimately
redistributed to areas of sediment deposition elsewhere in the lake
basin (Boudreau, 1999). It is also possible that during the period ofmax-
imum regional emissions, the rate at which As2O3 was deposited and
buried in areas characterized by Type E profiles was exceeded by the
rate at which As2O3 dissolved and released As to sediment porewaters.
The resulting concentration gradient would drive upward diffusion and
result in surficial sediments being enriched in As (hosted in Fe-
oxyhydroxide) relative to deeper layers.
At greater sediment depths, Fe was the strongest predictor of sedi-
ment As concentration (Table S11) because of the association between
As and framboidal pyrite, and the co-accumulation of discrete As-
sulphides (i.e., realgar) in the same horizons as authigenic pyrite. The
progressive burial of sediments over time leads to the development of
reducing conditions, and particles of As-bearing Fe-oxyhydroxide re-
ductively dissolve and release ferrous Fe (Fe2+) and As to porewaters.
Aqueous reduced S (S2−) first reacts with Fe2+ to form framboidal py-
rite (Morse and Rickard, 2004), which may sequester dissolved As
through adsorption or co-precipitation. Only after Fe2+ has been re-
moved from solution through pyrite formationwill S2− remaining in so-
lution become available to react with As to form realgar (Wilkin and
Ford, 2003; Wilkin et al., 2006), due to its higher solubility in compari-
son to pyrite (O'Day et al., 2004). Iron was therefore a better predictor
of sediment As concentration than S in all depth intervals, even in sed-
iments N5 cm below the sediment surface, which contained abundant
realgar formed in situ from the partial dissolution of As2O3. Framboidal
pyrite was the predominant host of As in depth intervals where As con-
centrations are assumed to represent pre-mining levels (samples LLSP-
24 and LLDP-25), which occurred at 10–20 cm depth in both high-
resolution cores (Fig. 3). The regression coefficient for S within the
15–20 cm depth interval in survey cores was negative (Table S11), indi-
cating that an increase in S concentration is associated with a decrease
in As concentration. This suggests that framboidal pyrite is the principal
host of As at this depth and that As is substituting for S in the crystal
structure of pyrite, which has been documented previously in Long
Lake sediments and in other environments (Savage et al., 2000;
Lowers et al., 2007; Schuh et al., 2018).

4.3. Spatial heterogeneity of arsenic fluxes

The calculated rates of As remobilization and efflux across the ben-
thic boundary (Table S13) indicate that As in sediments is upwardly
mobile and sediments are a source of dissolved As to surface waters.
These results are consistent with previous studies that calculated As
fluxes from contaminated sediments in the Yellowknife area (Andrade
et al., 2010; Van Den Berghe et al., 2018). Inherent in these calculations
were several assumptions: (1) that the dissolved As concentration gra-
dients measured across the sediment-water interface at sites LLSP and
LLPC (Schuh et al., 2018) (Fig. 1c) are linear, (2) that other transporta-
tion mechanisms that may influence rates of As diffusion (bioturbation,
physical mixing of sediments, etc.) can be ignored, and (3) that sedi-
ment porosity and tortuosity can be estimated a priori based on grain
size. Furthermore, these calculations were based on single time point
measurements of the dissolved As concentration gradients at both
sites, which are likely to exhibit seasonal variation (Martin and
Pedersen, 2002; Andrade et al., 2010).

Calculated rates of upward As remobilization for bothAs5+ and As3+

were considerably greater at site LLSP than at site LLPC (Schuh et al.,
2018) (Table S13). Similarly, calculated rates of diffusion across the
sediment-water interface for both aqueous inorganic As species were
approximately two times greater at LLSP than at LLPC (Table S13).
These sites are both located in relatively shallow water (2 m and
0.7mwater depths for LLSP and LLPC, respectively) (Fig. 1c), which sug-
gests that the magnitude of porewater concentration gradients can ex-
hibit substantial spatial variation due to slight changes in sediment
texture, solid-phase chemical composition, and sediment porosity,
which are in turn caused by changes inwater depth and textural sorting.
Comparatively, both the low and high estimates of As burial rate exceed
rates of As diffusion by 1–2 orders ofmagnitude, suggesting that rates of
As2O3 dissolution and release into the overlying water column, at least
during the period of maximum stack emissions in the region, did not
“keep pace” with the rate at which aerially deposited As was buried in
sediments. Thismay explainwhy Type D profiles, which are interpreted
to represent depositional zones, closely resemble historical emission
patterns. However, these estimates assume that the sedimentation
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rate measured in a relatively deep-water, depositional environment
(site LLCD) (Schuh et al., 2018) (Fig. 1c) can be extrapolated to site
LLSPwhere deposition rates are inferred to be lower, and that sedimen-
tation rates have remained relatively constant over time.

Sediment-focusing processes may also indirectly influence dis-
solved As fluxes by altering redox conditions within the sediment
column. At site LLSP, the concavity of the porewater profile of
dissolved As (Fig. 5a) and predominance of As-bearing Fe-
oxyhydroxide (Fig. 3) in near-surface sediments indicates that a por-
tion of the upward-diffusing As is sequestered in the interfacial sed-
iments before reaching the water column. During ice-free periods,
this profile can be assumed to be in pseudo-steady-state, whereby
the inventory of available Fe-oxyhydroxide in the surface layer is
sustained through the continued reductive dissolution of Fe-
oxyhydroxides at depth (through progressive burial), upward diffu-
sion of Fe2+, and re-precipitation in oxic horizons (Davison, 1993).
Higher accumulation rates of OC in surficial sediments, however,
will increase oxidation rates, decrease the thickness of the oxic sur-
face layer, and enhance rates of diffusion into the overlying water
column (Martin and Pedersen, 2002). Therefore, rates of remobiliza-
tion and efflux are higher at LLSP where the oxic surface horizon is
inferred to be thinner than at LLPC based on the shallower depth of
the porewater maximum and greater magnitude of the concentra-
tion gradient. Diffusion rates of As are also dependent on aqueous
speciation, as the diffusion coefficient for As3+ is higher than that
for As5+ (Table S13). The high relative proportion of As3+ in both
bottom waters and near-surface porewaters at site LLSP (Fig. 5;
Table S12) suggests that As5+ is preferentially removed by
authigenic Fe-oxyhydroxide, which has been documented in labora-
tory studies (Dixit and Hering, 2003), and that As3+ is more mobile
across the sediment-water interface. Thus, rates of As diffusion into
surface waters are enhanced at LLSP relative to LLPC, where As5+ is
the predominant aqueous species in porewaters below the
sediment-water interface (Schuh et al., 2018). Based on the results
from these two sites, it is likely that in deep-water zones of deposi-
tion where TOC concentrations in surficial sediments are highest
(Table S7) and As5+/As3+ ratios are presumably low, rates of As re-
lease into the water column are even higher.

4.4. Implications for risk assessment

The spatial heterogeneity of sediment As concentrations, solid-
phase speciation, and diffusive fluxes observed in this study has impli-
cations for human health and ecological risk assessments in the Yellow-
knife area and in other aquatic environments affected by the
atmospheric deposition of As. The interim sediment quality guideline
(ISQG) and probable effect level (PEL) outlined by the Canadian Council
of Ministers of the Environment (CCME) are dry-weight concentration
benchmarks used to determine the likelihood of adverse biological ef-
fects occurring as a result of exposure to solid-phase As in surficial sed-
iments (i.e., top 5 cm) (CCME, 1999). For As, the ISQG is 5.9mgkg−1 and
the PEL is 17mg kg−1 (CCME, 1999). In Long Lake, 96% (n=45) ofmea-
sured As concentrations in near-surface sediments exceeded the PEL.
Arsenic concentrations in this depth interval, however, were positively
and significantly correlated (ρ = 0.86, p b 0.001) with water depth
(Fig. 4). Moreover, the highest As concentrations (Fig. 2; Table S2) oc-
curred in deep-water areas where human exposure to sediments is un-
likely. In contrast, surficial sediment As concentrations in the beach and
boat launch area (Fig. 2; Table S2), which was previously targeted as
part of the recent HHRA (Canada North Environmental Services,
2018), were among the lowest observed in this study.

The potential for deleterious effects to occur in humans from expo-
sure to sediment-bound As is known to be largely dependent on bioac-
cessibility, which in turn depends on solid-phase speciation. More than
60 years after the period of maximum stack emissions in the region,
highly bioaccessible As2O3 (Plumlee and Morman, 2011) has persisted
in high concentrations in Long Lake sediments (Fig. 3), but mostly in
deep-water areas where the potential for direct human exposure is
low. The partial dissolution of As2O3 and subsequent formation of sec-
ondary As-hosting phases including realgar, arsenian pyrite, and As-
bearing Fe-oxyhydroxide also represents an effective “natural” mecha-
nism for reducing As bioaccessibility as these phases are all less bioac-
cessible than As2O3 (Plumlee and Morman, 2011).

Despite the formation of secondary As-hosting phases that reduce
the bioaccessibility and mobility of As in solid form, sediments in Long
Lake are an ongoing source of dissolved As to the overlying water col-
umn. Rates of As diffusion across the sediment-water interface are in-
ferred to be spatially variable due to differences in sediment texture
and composition, and are likely higher in deep-water, depositional
zones. Recent work by Barrett et al. (2018) has shown that the mobili-
zation of As from contaminated sediments into small, shallow lakes
with well-mixed water columns, such as Long Lake during summer, in-
creases As uptake by aquatic organisms that occupy lower trophic
levels, which may influence the bioaccumulation and trophic transfer
of As.

5. Conclusions

Arsenic concentrations and solid-phase speciation in Long Lake
sediments exhibited considerable lateral and vertical variation,
which can be attributed to physical processes that redistribute As
and other elements involved in its redox cycling from zones of sedi-
ment erosion to areas of sediment deposition. These zones can be
distinguished using down-core As concentration profiles and their
corresponding mass distributions of As-hosting solid phases. Water
depth, as a proxy for sediment focusing, is the best predictor of As
concentrations in near-surface sediments, but is a weaker predictor
of As concentrations in deeper sediment layers due to the existence
of the two types of As profile identified in this study. Iron concentra-
tion, as an indicator of As, Fe, and S co-diagenesis, and possibly co-
occurrence in stack emissions, is a better predictor of As concentra-
tion at greater sediment depths. Calculated rates of dissolved As re-
mobilization and diffusion-controlled release to bottom water at
two sites suggests that dissolved As fluxes are spatially variable as
a result of sediment redistribution and its influence on redox condi-
tions within the sediment column.

The spatial heterogeneity of As distribution observed in this study
emphasizes the advantages of a multi-station approach for capturing
whole-lake accumulation trends. Furthermore, an understanding of
the depositional patterns of atmospherically deposited As in sedi-
ments is important in the context of risk assessment, as it highlights
areas of lakes where exposure to high sediment As concentrations,
more bioaccessible As-hosting solid phases, and enhanced rates of
As release to the water column are most likely. Future work should
aim to quantify the effects of sediment focusing, possibly through
the radiometric dating of multiple cores, to better elucidate the influ-
ence of textural sorting on the long-term fate of As in mine-impacted
lakes.
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